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Transport and Fate of Nitrate at the Ground-Water/Surface-Water Interface
Larry J. Puckett,* Celia Zamora, Hedeff Essaid, John T. Wilson, Henry M. Johnson, Michael J. Brayton, and Jason R. Vogel USGS
Although numerous studies of hyporheic exchange and
denitriﬁcation have been conducted in pristine, high-gradient
streams, few studies of this type have been conducted in nutrientrich, low-gradient streams. This is a particularly important
subject given the interest in nitrogen (N) inputs to the Gulf of
Mexico and other eutrophic aquatic systems. A combination
of hydrologic, mineralogical, chemical, dissolved gas, and
isotopic data were used to determine the processes controlling
transport and fate of NO3− in streambeds at ﬁve sites across the
USA. Water samples were collected from streambeds at depths
ranging from 0.3 to 3 m at three to ﬁve points across the stream
and in two to ﬁve separate transects. Residence times of water
ranging from 0.28 to 34.7 d m−1 in the streambeds of N-rich
watersheds played an important role in allowing denitriﬁcation
to decrease NO3− concentrations. Where potential electron
donors were limited and residence times were short,
denitriﬁcation was limited. Consequently, in spite of reducing
conditions at some sites, NO3− was transported into the stream.
At two of the ﬁve study sites, NO3− in surface water inﬁltrated
the streambeds and concentrations decreased, supporting
current models that NO3− would be retained in N-rich streams.
At the other three study sites, hydrogeologic controls limited
or prevented inﬁltration of surface water into the streambed,
and ground-water discharge contributed to NO3− loads.
Our results also show that in these low hydrologic-gradient
systems, storm and other high-ﬂow events can be important
factors for increasing surface-water movement into streambeds.
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M

ost studies of nitrogen (N) cycling at the ground-water/
surface-water interface have focused on hyporheic zone
processes in relatively pristine N-limited streams (e.g., Duﬀ and Triska,
1990; Triska et al., 1990, 1993; Holmes et al., 1996; Wondzell and
Swanson, 1996; Duﬀ and Triska, 2000). Typically in these settings,
biogeochemical processes in the hyporheic zone produce NH4+ or
NO3− through NO3− reduction, ammoniﬁcation, and nitriﬁcation. In
the context of these studies, the hyporheic zone has been seen as an N
source to surface waters. In contrast, information on N transport and
fate in hyporheic zones of N-enriched streams in intensive agricultural
settings is limited. Pinay et al. (1994) documented a net loss of NO3−
due to denitriﬁcation as surface water inﬁltrated a gravel bar of the
Garonne River, France. McMahon and Böhlke (1996) reported a net
decrease in NO3− concentrations in the South Platte River, CO, as
a result of denitriﬁcation in the riparian and hyporheic zones. Hill et
al. (1998) reported that the hyporheic zone of a small N-rich stream
in Ontario served as a NO3− sink, and Hinkle et al. (2001) reported
NO3− removals from discharging ground water in the hyporheic
zone of the Willamette River in Oregon. Storey et al. (2004) reported
streambed denitriﬁcation in a moderately N-rich stream in southern
Ontario. More recently, Opdyke et al. (2006) and Royer et al. (2004;
2006) found that stream discharge of NO3− in areas having extensive
tile drains so exceeded denitriﬁcation capacity that it was not an
eﬃcient NO3− sink. Thus, the latter notwithstanding, available
evidence supports the conceptual model hypothesized by Jones and
Holmes (1996) that hyporheic zones in NO3−-rich streams may act as
NO3− sinks, whereas in NO3−-poor streams they are NO3− sources.
Conversely, there is ample evidence in the literature that riparian
zones may serve as sinks for NO3− in ground water before it reaches
surface-water bodies (e.g., Haycock et al., 1993; Hill, 1996; Puckett,
2004). It has also become increasingly clear that hydrogeologic and
biogeochemical processes may limit denitriﬁcation; therefore, not all
riparian zones are equally eﬃcient at removing NO3− from ground
water before it reaches stream channels (e.g., Hill, 1996; Puckett et
al., 2002; Puckett, 2004; Puckett and Hughes, 2005). Because the
predominant focus of hyporheic zone studies has been on interactions
with stream water, there is little information on whether hyporheic
zones serve as a source or a sink with respect to NO3− in ground water
discharging to streams. This raises the question whether hyporheic
zones are capable of removing NO3− in ground water discharging to
L.J. Puckett, USGS, 413 National Center, Reston, VA 20192; C. Zamora, USGS, 6000 J Street,
Sacramento, CA 95819; Hedeff Essaid, USGS, 345 Middlefield Road, Menlo Park, CA 94205;
J.T. Wilson, USGS, 5957 Lakeside Boulevard, Indianapolis, IN 46278; H.M. Johnson, USGS,
10615 SE Cherry Blossom Drive, Portland, OR 97216; M.J. Brayton, USGS, 8987 Yellow Brick
Road, Baltimore, MD 21237; and J.R. Vogel, USGS, 5231 S. 19th Street, Lincoln, NE 68512.
Abbreviations: DOC, dissolved organic carbon; DNRA, dissimilatory NO3− reduction;
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the streambed before entering the stream itself, therefore serving as
an added bioremediation barrier to surface-water contamination.
The potential importance of streambed permeability as a control on hyporheic exchanges has been recognized by several authors (Triska et al., 1989; Vervier et al., 1992; Triska et al., 1993;
Valett et al., 1996). Jones and Holmes (1996) suggested expanding the scope of such studies to include the roles of hydraulic
conductivity and hydraulic gradients as incorporated in Darcy’s
Law. Little research has been conducted on the relationship between the physical properties of the bed sediments and their control on ground-water/surface-water interactions in streambeds.
In this study, we investigated the transport and fate of NO3−
within the ground-water/surface-water interface at ﬁve study
sites across the USA: DR2 Drain, Washington; Merced River,
California; Maple Creek, Nebraska; Leary Weber Ditch, Indiana;
and Morgan Creek, Maryland. At all sites the same study design,
schedule of analytes, and methods were used to facilitate comparison of results. This analysis included characterization of the
redox state of ground-water and hyporheic zone samples, solidphase electron donors (organic carbon, Fe2+, S2−), dissolved gases,
isotopes, and intensive monitoring of ground-water/surface-water
hydrology. All of these sites are in intensive agricultural watersheds having elevated N concentrations (relative to background
values deﬁned by Fuhrer et al., 1999) in ground water, surface
water, or both (Domagalski et al., 2008; Green et al., 2008).
Our main objective was to examine the processes controlling
transport and fate of NO3− in discharging ground water as it
passed through the streambed. Because it is possible for the ground
water to move through the streambed faster than processes controlling NO3− transport and fate, a particular focus of this study was
investigating the role of ﬂow rates and water residence times on
NO3− removal. Accordingly, our primary hypothesis was that hydrogeology expressed in the form of hydraulic conductivity, porosity, and hydraulic gradient would control the direction and rate of
ﬂow of ground water and surface water in the streambed and that
this in turn would inﬂuence NO3− retention. A second objective
was to investigate NO3− removal in N-enriched agro-ecosystems in
a variety of hydrogeologic settings across the USA with the hypothesis that these systems would retain NO3−.

Site Descriptions
DR2 Drain, Washington
More extensive site descriptions along with maps and tables
of additional watershed characteristics for each study site are
provided by Capel et al. (2008). The 5.5-km2 DR2 Drain study
site is located in Yakima County in south-central Washington.
At the time of the study, approximately 88% of the area was
cropland that included corn (Zea mays L.), row crops, orchards,
vineyards, and dairies; total N use for the DR2 watershed during 2004 was estimated as 62 Mg (Payne et al., 2007) or about
128 kg ha−1. The upper 3 to 10 m of aquifer material are silty
sands and clayey silts deposited by the draining of glacial Lake
Missoula (Waitt, 1984). In addition to 15 to 20 cm of precipitation, 75 to 120 cm of irrigation water is applied to cropland
between April and September. Water within the DR2 Drain

comprises shallow ground water, deeper ground water, and relatively dilute irrigation water.
Drains and ditches are artiﬁcial channels used to remove
excess water in agricultural areas. Within the lower part of the
basin, which was the focus of this investigation, ground-water
discharges result in perennial ﬂow in the drain. The bed of
DR2 Drain consists of the same silty sands and clayey silts
as those in the aquifer, having vertical hydraulic conductivities estimated at 1.295 × 10−6 to 1.295 × 10−5 m s−1 (Essaid
et al., 2008). The channel is about 3 m wide, is periodically
dredged, and has a surface-water gradient of 0.004. A dairy
feedlot is on the left bank, and irrigated pasture is on the right
bank along the 150-m-long study reach of DR2 Drain.

Merced River, California
The 832-km2 lower Merced River basin is in the eastern San
Joaquin Valley, California. Land use in the study area is mostly
agriculture, with narrow strips of riparian vegetation along the
river. The dominant crops are orchards and vineyards, followed by
ﬁeld crops, pasture, and truck crops; N use in 2004 was estimated
at 7300 Mg (Gronberg and Kratzer, 2006) or about 160 kg ha−1.
Alluvial deposits derived from the Sierra Nevada Mountains to
the east underlie the land surface. Crops are irrigated with surface
water from the Sierra Nevada Mountains; some crops south of
the Merced River are irrigated with water pumped from the river.
Discharge of the lower Merced River is mostly controlled through
management of a major upstream reservoir. Ground-water ﬂow in
the study area generally is toward the Merced River, where most of
the ground-water discharge occurs. The riverbed consists of coarse
sand and gravel alluvial deposits, with vertical hydraulic conductivities estimated at 1.2 × 10−5 to 1.2 × 10−4 m s−1 (Essaid et al.,
2008). The channel is about 30 m wide and has a negligible surface-water gradient. Within the 200-m-long study reach, in 2004
there was a large vineyard on the left bank and a narrow riparian
strip, corn ﬁeld, and orchards on the right bank.

Maple Creek, Nebraska
Maple Creek, a tributary to the Elkhorn River in eastern Nebraska, drains a 956-km2 basin. Land use in the study area is predominantly agricultural, comprising corn, soybeans [Glycine max
(L.) Merr.], and alfalfa (Medicago sativa L.); N use in the watershed
in 2003 was estimated to be 4666 Mg (Fredrick et al., 2006) or
about 51 kg ha−1. Glacial till and Quaternary-age loess mantles the
hills and forms terraces over sand and gravel deposits that make up
the primary aquifer materials. Soils are ﬁne-textured aeolian sand,
silt, and loess. Precipitation and irrigation from ground-water withdrawals supply crop water needs. Ground-water discharge supports
baseﬂow during the late growing season and winter; this discharge
occurs where stream channels intersect the sand and gravel aquifer
in the eastern part of the watershed where this study was conducted. The riverbed consists of sand and gravel, with a vertical
hydraulic conductivity estimated at 7.5 × 10−5 m s−1 (Essaid et al.,
2008). The channel is about 20 to 30 m wide and has a surfacewater gradient of 0.001. Within the 136-m-long study reach, during 2004 there was a large corn ﬁeld on the left bank and riparian
forest, pasture, and corn and soybean ﬁelds on the right bank.
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Leary Weber Ditch, Indiana
Leary Weber Ditch, a 7.2-km2 watershed in central Indiana,
is dominated by corn and soybean row crops (87%), and fertilizer use contributed 47 Mg of N in 2004 (Baker et al., 2006) or
about 75 kg ha−1. Rainfall supplies all crop water demand. The
watershed is underlain by glacial till deposits, and soils are loams
or silty loams. The till-derived soils have generally poor drainage,
necessitating the use of tile drains and ditches; the ﬂow in Leary
Weber Ditch ceases when the tile drains stop ﬂowing. The reach
of Leary Weber Ditch chosen for this study is near the conﬂuence
with Sugar Creek, in an area of glacial outwash sand and gravel
deposits with a riparian forest. The bed materials have vertical hydraulic conductivities estimated at 1.0 × 10−4 to 7.9 × 10−3 m s−1
(Essaid et al., 2008). The channel is about 3 to 4 m wide and has
a surface-water gradient of 0.004. Within the study reach, which
is about 94 m long, there was riparian forest on the left bank and
an overgrown pasture on the right bank.

Morgan Creek, Maryland
Morgan Creek drains a 31-km2 watershed in eastern Maryland, within the Chester River Basin. Crops including corn,
soybeans, and small grains are planted in more than 75% of the
basin, and N use in 2004 was estimated as 226 Mg (Hancock
and Brayton, 2006) or about 97 kg ha−1. Rainfall supplies nearly
all crop water demands. Soils are mainly well- to moderately well
drained ﬁne silt loams with some clay. The watershed is underlain
by quartz sands and gravels (Owens and Denny, 1979; Owens
and Minard, 1979). Ground-water ﬂow in the surﬁcial aquifer
is generally from topographic highs toward discharge areas in or
along Morgan Creek. Within the study reach, the entire ﬂoodplain consists of a 1- to 2-m thick layer of heavy silt and clay, having a vertical hydraulic conductivity estimated as 1 × 10−10 m s−1,
which is a typical value for these materials (Freeze and Cherry,
1979). This impervious clay layer prevents direct movement of
ground water through the streambed; however, ground water
discharges from seepage zones at the lateral margins of the ﬂoodplain and then ﬂows across the ﬂoodplain in small channels and
as diﬀuse sheet ﬂow to the creek. The creek channel is about 4 m
wide and has a surface-water gradient of 0.001. In 2004, riparian
forest on both sides of the 600-m-long study reach was bounded
by pasture on the right side and a soybean ﬁeld on the left.

Methods
Water samples were collected from the streambeds at depths
ranging from 0.3 to 3.3 m at three to ﬁve points across each stream
in two to ﬁve transects along the stream using stainless steel drive
points with 0.9-cm-long screens. At most sites, the drive points
were hammered into the streambed. At the DR2 Drain site, the silt
and clay in the bed materials made it diﬃcult to reliably collect water samples. Consequently, at this site piezometers and drive points
were installed with sand packs in hand-augured holes and sealed
with bentonite clay, and only two transects of 30 drive points were
installed approximately 65 m apart; still only 16 drive points reliably produced water. At the Merced River and Maple Creek sites,
ﬁve transects with a least ﬁve sampling points per transect were

1036

installed at depths ranging from 0.3 to 3.3 m. In the Merced River
the transects were about 50 m apart, and in Maple Creek they
varied from 28 to 39 m apart. At the Leary Weber Ditch site, ﬁve
transects were installed at distances ranging from 17 to 34 m apart;
because of the narrowness of the channel, however, only three or
four points were installed in each transect. Also at this site, layers
of silt limited the number of depths at which drive points could be
placed. At the Morgan Creek site, three parallel transects of 2.5cm-diameter polyvinyl chloride (PVC) piezometers having 15-cmlong screens were installed in hand-augured holes completed below
the clay layer, which provided watertight seals around the PVC
pipe. Additional 5-cm-diameter PVC piezometers were installed in
hand-augured holes at depths up to 3 m at the toe of a slope on the
edge of the clay layer where ground-water seeps were present; these
piezometers were sealed with bentonite clay. The Morgan Creek
transects were separated by about 47 and 140 m. To estimate the
contribution of the seeps to the NO3− load of Morgan Creek, two
synoptic surveys of all seeps along the study reach were conducted.
At two primary transects in each study area, samples were
collected on three or four occasions using a peristaltic pump.
Collection dates were chosen to coincide with pre- and post-fertilizer application times, mid-growing season, and post-harvest
periods. Measurement of temperature, pH, speciﬁc conductance,
alkalinity, and dissolved oxygen (O2) were made in the ﬁeld as the
samples were being collected, and the samples were subsequently
analyzed for major cations and anions, nutrients, dissolved gases
(N2, Ar, CO2, and CH4), the nitrogen (δ15N) and oxygen (δ18O)
isotopes of NO3− and N2, and dissolved organic carbon (DOC).
Cations and silica were analyzed by inductively coupled plasma
spectroscopy, anions by ion chromatography, nutrients by colorimetric methods, and DOC by persulfate oxidation and infrared
spectrometry (Fishman and Friedman, 1989; Fishman, 1993;
Wershaw et al., 1987). A smaller set of measurements was made
at all transects and sampling points during one high-ﬂow and one
low-ﬂow period; a portable manometer (Winter et al., 1988) was
used to measure hydraulic heads relative to stream stage at the
time samples were collected. Pressure transducers with built-in
electronic data loggers were used to monitor water levels continuously in 5-cm-diameter PVC piezometers with 15-cm-long
screens at up to eight locations at each study site. At one location,
multi-parameter probes connected to a data logger were used
to monitor temperature, pH, and speciﬁc conductance in the
stream and at 0.5 m and 1 to 3 m below the streambed.
Equilibrium values of dissolved O2 were estimated on the
basis of Henry’s Gas Law coeﬃcient, the concentration of oxygen in the atmosphere, average annual temperature, and atmospheric pressure. Oxidation-reduction state (redox state) was
assessed for each sample using an approach based on the presence or absence of various redox couples similar to the method
outlined by Paschke et al. (2007) and McMahon and Chapelle
(2008). Additional information on analytical methods is presented by Capel et al. (2008) and Green et al. (2008).
To assess potential ground-water contributions to the groundwater/surface-water interface, transects of nested piezometers
were installed along probable ground-water ﬂow paths, terminating near each streambed study site. Chemical analyses of samples
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from these wells served as the basic reference for determining
ground-water inputs to the streambeds. At the Leary Weber
Ditch, Indiana site, nests of piezometers were installed in the outwash sand and gravel in the banks along the creek, and one deep
(7 m) ground-water piezometer was installed midway through
the riparian zone. Samples were collected from these piezometers
at the same time as those from the streambed sites and were analyzed for the same suite of constituents described previously. Additional information on these ground-water transect installations
is provided by Capel et al. (2008) and Green et al. (2008).

in humid air saturated water (μmol L−1) at the temperature, T,
and elevation, elev, of the water table; and 0.417 is the conversion
factor for the quantity of Ar per volume of air (μmol cm−1) at
standard temperature and pressure of 1 atm and 0°C. The excess
N2 derived from denitriﬁcation was then calculated using

Dissolved Gases and Denitrification Progress

where [N2,bub] is the N2 from entrained bubbles (μmol L−1),
34.8 is the conversion factor for the quantity of N2 per volume
of air (μmol cm−3) at standard temperature and pressure,
[N2,denit] is the N2 from denitriﬁcation (μmol L−1), [N2,meas] is
the measured concentration of N2 in the sample (μmol L−1),
and [N2,equil](T, elev) is the concentration of N2 in humid airsaturated water as a function of T and elev.
The cumulative progress of denitriﬁcation that has occurred in a ground-water sample is given by the concentration
of N2,denit and can also be expressed as the fraction of the original NO3− that has been denitriﬁed (ξdenit):

Dissolved N2 and Ar concentrations were used to estimate
the quantities in water of dissolved gases originating from
atmospheric and biological sources. Samples for analysis of
dissolved N2 and Ar were collected in ﬁlled serum bottles and
analyzed by gas chromatography after creation of low-pressure
headspace in the laboratory (USGS, 2007). Results of the analyses were corrected for solubility in sample water at laboratory
temperatures and have typical uncertainties of ±1 to 2%.
Dissolved gases may originate from equilibrium exchange with
the atmosphere at the water’s surface, dissolution of entrapped
air bubbles, and production by reactions such as denitriﬁcation.
Typically, dissolved gases include some fraction from bubbles of air
that become trapped under recharging water and entrained in the
saturated zone. As long as the hydrostatic pressure remains greater
than the total pressure of gases in solution, degassing is unlikely
(Blicher-Mathiesen et al., 1998). Similarly, denitriﬁcation produces
N2, which remains in solution in recharging ground water. Recent
literature has used the terms “excess air” to refer to atmospheric
gases originating from entrained bubbles and “excess N2” to refer to
N2 originating from denitriﬁcation.
Excess air and excess N2 concentrations in water samples were
estimated using the concentrations of N2 and Ar, their known
solubility in water (Weiss, 1970), the atmospheric pressure, and
the recharge temperature (Heaton and Vogel, 1981; Vogel et al.,
1981; Böhlke and Denver, 1995; McMahon and Böhlke, 1996;
Puckett et al., 2002; Böhlke et al., 2002). This calculation required
several assumptions, including (i) the only source of Ar was the
atmosphere, (ii) the only sources of N2 were the atmosphere and
denitriﬁcation, and (iii) excess air was not fractionated. It was assumed that all samples at each study site were recharged at approximately the same temperature, but with varying amounts of excess
air. The latter assumption is considered to be the largest source of
uncertainty because of possible variations in recharge temperatures,
but in the absence of other noble gas measurements, this procedure
minimizes errors associated with minor air contamination or partial degassing during sampling (Böhlke et al., 2002). The excess air
concentration in each sample was calculated with

[airbub ]=

[ Armeas ]− ⎡⎢⎣ Arequil ⎤⎥⎦ (T , elev )
0.417

[1]

where [airbub] is the concentration of excess air from entrained
bubbles (cm3 L−1); [Armeas] is the measured concentration of Ar in
the sample (μmol L−1); [Arequil](T, elev) is the concentration of Ar

[N2,bub] = [airbub] ⋅ 34.8

[2]

and
[N2,denit] = [N2,meas] − [N2,equil](T, elev) − [N2,bub]

ξ denit =

[3]

2 ⋅ ⎡⎣ N 2,denit ⎤⎦
⎡ NO−3 ⎤
⎣
⎦

0

[4]

where [NO3−]0 is the reconstructed (initial) concentration of
NO3− before denitriﬁcation:
[NO3−]0 = [NO3−] + (2 ⋅ [N2,denit])

[5]

For example, a value of 0.5 for ξdenit indicates that half of
the original NO3− had been denitriﬁed. Uncertainties in the
reaction progress estimate were caused mainly by uncertainties
in the assumed recharge conditions (temperature and excess
air) aﬀecting the calculation of [N2,denit].

Mineralogy
Organic carbon is typically the most common source of
electrons in many redox processes, particularly denitriﬁcation.
However, various minerals may also supply Mn2+, Fe2+, S2−, and
other reduced mineral phases as electron donors for denitriﬁcation. The mineralogy of sediments in the ground-water/surfacewater interface can therefore provide important information as to
the controls on redox processes occurring there. The mineralogy
of sediment cores collected within the aquifers and streambeds
at each site was analyzed by X-ray diﬀraction. Samples from
the cores were also analyzed for ferrous and total available iron
content by extraction with 0.5 M HCl and 0.5 M HCl plus
hydroxylamine, respectively (Lovley and Phillips, 1987). Acidvolatile sulﬁdes plus pyrite were determined using methods developed by Canﬁeld et al. (1986), Tuttle et al. (1986), Allen et al.
(1991; 1993), USEPA (1996), and Bowles et al. (2003). Sulﬁde
phases extracted by this method include pyrite, elemental sulfur,
and acid-volatile monosulﬁdes. Organic carbon content was determined by mass spectrometry before and after exposure to acid
fumes to remove inorganic carbon (Révész and Qi, 2006).
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Table 1. Specific conductance and median concentrations of selected constituents in ground water, the streambed, and in streams of the five
study sites. Ground-water and streambed samples were collected during March–October 2004; stream samples were collected during
October 2003–August 2005.
Site

Specific conductance†
dS m−1

DR2 Drain, Washington
Ground water
Streambed
Stream
Merced River, California
Ground water
Streambed
Stream
Maple Creek, Nebraska
Ground water
Streambed
Stream
Leary Weber Ditch, Indiana
Ground water
Streambed
Stream
Morgan Creek, Maryland
Ground water
Streambed/riparian zone
Stream

Cl−

O2

NO3−

N2,denit‡

NH4+

Fe2+

DOC§

————————–––––––––——— μmol L−1—————————–––––––––———

0.751 (9)
0.716–1.072
0.433 (57)
0.308–0.617
0.458 (33)
0.340–0.711

271 (9)
104–335
404 (57)
167–483
348 (34)
249–1412

10 (7)
6–134
6 (57)
0–200
253 (33)
144–330

375 (9)
29–487
30 (57)
0–337
243 (33)
123–442

52 (4)
0–105
75 (13)
16–116
NA¶

0 (9)
0–7
0 (57)
0–8
2 (33)
0–21

0 (9)
0–0
0 (57)
0–7
1 (34)
0–4

142 (7)
117–475
75 (57)
33–242
308 (33)
167–1742

0.458 (14)
0.282–0.573
0.390 (52)
0.080–0.907
0.136 (15)
0.056–0.243

446 (14)
390–1526
415 (52)
48–1355
214 (12)
36–750

6 (14)
3–11
16 (51)
0–181
288 (15)
219–419

160 (14)
0–1995
0 (52)
0–1501
106 (14)
0–215

282 (5)
155–318
168 (16)
0–323
NA

0 (14)
0–16
0 (52)
0–74
0 (14)
0–5

0 (14)
0–0
0 (52)
0–326
NA

75 (14)
42–133
108 (49)
50–508
250 (9)
193–369

0.413 (12)
0.375–0.500
0.444 (149)
0.193–0.660
0.683 (32)
0.233–0.910

106 (112)
89–129
111 (53)
77–133
333 (32)
127–1645

5 (12)
0–25
71 (153)
6–319
302 (32)
186–454

18 (12)
0–63
61 (54)
0–429
255 (36)
0–425

113 (3)
23–161
120 (7)
98–164
NA

0 (12)
0–0
0 (54)
0–375
0 (36)
0–87

0 (12)
0–6
0 (53)
0–519
0 (31)
0–0

61 (12)
58–125
92 (47)
58–1292
388 (26)
154–1908

0.698 (3)
0.632–0.744
0.631 (167)
0.521–0.767
0.513 (42)
0.170–0.671

796 (3)
454–1030
759 (48)
516–1766
706 (33)
136–870

5 (3)
3–5
22 (125)
0–228
278 (33)
250–306

0 (3)
0–0
0 (129)
0–458
490 (48)
7–904

179 (1)

9 (3)
7–11
3 (48)
0–13
0 (33)
0–47

1 (3)
1–4
36 (48)
1–74
0 (33)
0–1

125 (3)
117–158
158 (47)
117–2083
467 (33)
200–1200

0.154 (29)
0.092–0.224
0.184 (27)
0.078–0.600
0.186 (35)
0.055–0.194

354 (31)
220–491
454 (27)
70–2324
390 (29)
175–570

248 (26)
0–344
88 (27)
0–356
206 (26)
128–422

727 (31)
321–1206
21 (27)
0–2568
195 (42)
43–345

0 (31)
0–0
0 (27)
0–7
11 (42)
0–57

0 (31)
0–7
2 (27)
0–432
5 (25)
1–10

42 (30)
33–108
42 (24)
25–92
617 (18)
233–833

96 (12)
80–179
NA

0 (8)
0–179
116 (10)
36–250
NA

† Values in parentheses are sample counts; data ranges are shown below the medians.
‡ N2,denit, N2 from denitrification (μmol L-1).
§ DOC, dissolved organic carbon.
¶ NA, not available; gas samples were not collected in streams.

Hydrology
The movement of ground water within porous media,
commonly referred to as the average linear velocity (Freeze
and Cherry, 1979), is calculated from Darcy’s law as:
⎛ dh ⎞
K ⎜⎜ ⎟⎟⎟
⎝ dl ⎠
v=
n
where v is the average linear velocity (referred to as velocity for
the remainder of the text) of the ground water, K is the hydraulic
conductivity, n is the eﬀective porosity, and dh/dl is the hydraulic
gradient (the change in head per unit of distance). The inverse
of velocity provides a measure of water residence time. We used
these relations along with head, hydraulic conductivity, and
porosity to estimate velocities and residence times of water in the
streambeds of our study sites. We believe that our study is the
ﬁrst to use an extensive analysis of velocity and residence times
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in the streambed, particularly at a variety of study sites across a
range of hydrogeologic conditions.

Results
DR2 Drain, Washington
For each site, ﬁgures are provided with hydrologic and chemical
results for the two primary transects that were sampled on approximately a quarterly basis and therefore have the largest set of physical and chemical measurements. These ﬁgures include two time
periods to provide results for the post-fertilizer application period
and post-growing season period. In addition to the presentation of
the data in these ﬁgures, results for all transects and all time periods
sampled are described in the remainder of this paper and are summarized in Table 1.
Head data provided evidence of large potentials for groundwater discharge to the streambed of the DR2 Drain during July
and October 2004, respectively (Fig. 1 and 2); however, these large
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heads were probably due as much
to the poorly permeable silt and
clay layers in the bed as to upward
ground-water ﬂow potential. Flow
directions based on analysis of equipotential lines also indicated the potential for discharge of deep ground
water and shallow lateral ﬂow but
not for movement of surface water
into the bed (Fig. 1 and 2). This
last observation is also supported by
results of temperature-ﬂux–based
modeling that indicated no surfacewater movement into the bed (Essaid et al., 2008).
Results of streamﬂow measurements at various places within the
study reach to determine if certain
stream segments were gaining or
losing water (seepage runs), coupled
with a Br−-tracer injection conducted during a companion study,
indicated ground-water ﬂux contributing about 4 to 10% and 6.8%
of stream ﬂow, respectively (Duﬀ
et al., 2006; 2008). Although the
temperature-ﬂux–based model indicated a smaller ground-water ﬂux
(0.5–0.6% of stream ﬂow), these
results were based on long-term
Fig. 1. Concentrations of NO3− (μmol L−1) and specific conductance (dS m−1) at the Washington study
measurements, whereas the seepsite in July 2004 at (a) Transect 1 and (b) Transect 2. Equipotential lines and flow directions are
−
age runs and Br injections were
based on potentiometric heads (cm) measured at the time of sampling.
of limited durations. Temperatureconcentration (30 μmol L−1) in the streambed was much less than
ﬂux–based modeling predicted
−1
the median concentrations of ground water (375 μmol L−1) and
ground-water velocities of 0.2 to 0.3 m d and residence times
−1
surface water (243 μmol L−1) (Table 1), indicating loss of NO3− in
of 3.4 to 5.6 d m of streambed thickness (Essaid et al., 2008).
the streambed. The median concentration of O2 in the streamUsing the Darcy equation, heads measured at the time of sambed samples (6 μmol L−1) was much less than the equilibrium
pling, and saturated vertical hydraulic conductivity and porosity
value (312 μmol L−1) and the redox state of streambed samples
values derived from the temperature-ﬂux models, we estimated
−1
spanned the range of O2, NO3−, Mn4+, and Fe3+ reduction. Alcomparable velocities of 0.21 to 0.26 m d and a median resi−1
though concentrations of organic carbon (0.9 g kg−1) and DOC
dence time of 4.4 d m of streambed thickness.
(75 μmol L−1) in bed sediment were low, other potential electron
Nitrate concentrations in the streambed in October were
donors were present in the form of hornblende, extractable Fe2+
similar and in some cases identical to those in July (Fig. 1 and 2),
−
−1
(3600 mg kg−1), and S−2 (220 mg kg−1). The small concentrations
and median NO3 concentrations (39 and 43 μmol L ) were
of Fe2+ in solution and the presence of goethite in the sediments
virtually the same. Ammonium concentrations during both time
are consistent with oxidation and precipitation of reduced iron.
periods were, with one exception, below the reporting limit.
Some δ15N values (8.52–12.18‰) were enriched, N2,denit values
Nitrate concentrations at Transect 1 were lower just below the
−
ranged up to 116 μmol L−1, and denitriﬁcation reaction progress
streambed than at greater depths. At Transect 2, NO3 concenhad a median value of 0.78 in the streambed samples compared
trations in July and October generally were greater just below
with a value of 0 for ground-water samples. The net ground-water
the streambed than at greater depths as a result of lateral inﬂow
ﬂux and persistence of NO3−, however, resulted in a net increase of
of NO3−–rich shallow ground water. This shallow ground water
−
in-stream NO3− (Duﬀ et al., 2006; 2008).
was also distinctly diﬀerent in having HCO3 concentrations
approximately twice those of other Transect 2 samples and was
Merced River, California
similar in magnitude to other ground water at the site.
Hydraulic heads in the Merced River were among the smallA number of factors indicated that some denitriﬁcation had
est measured at all ﬁve study sites (Fig. 3 and 4) with medians of
taken place in the streambed sediments. Overall, the median NO3−
Puckett et al.: Transport & Fate of Nitrate at the Ground Water/Surface Water Interface
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speciﬁc conductance at 3 m lagged
behind the 0.5-m depth by almost
2 mo (Fig. 5c).
During March, NO3− concentrations at Transect 2 (Fig. 3a)
were small, with a median of 21
μmol L−1; NO3− was not detected
in most samples from the left and
right banks, but concentrations of
347 to 404 μmol L−1 were measured in samples of deep ground
water entering the center right
section of the streambed. Nitrate
concentrations at Transect 4 (Fig.
3b) were similar to those at Transect
2, with a median of 29 μmol L−1,
although concentrations on the
right bank were larger than those
on the left bank. These larger concentrations on the right bank at
Transect 4 may be a consequence
of the much narrower riparian strip
present there than at Transect 2. By
October, NO3− concentrations had
increased at Transects 2 and 4, with
medians of 86 and 43 μmol L−1;
distribution patterns remained
similar to those in March.
On the basis of the speciﬁc
conductance data and the ﬂow
Fig. 2. Concentrations of NO3− (μmol L−1) and specific conductance (dS m−1) at the Washington study
directions inferred from head data,
site in October 2004 at (a) Transect 1 and (b) Transect 2. Equipotential lines and flow directions are
we
believe that mixing of ground
based on potentiometric heads (cm) measured at the time of sampling.
water with stream water having
0 and 0.2 cm during March and October, respectively. During
a NO3− concentration of 32 to
−1
the March sampling, there was evidence of some surface-water
97 μmol L can account for most of the observed variability in
movement into the streambed, particularly in the center of both
NO3− concentrations found in the upper 1 m of the streambed
primary transects (Fig. 3). The head data indicated much less
at the Merced River study site. Ammonium concentrations were
surface-water movement into the bed during the October sample
negligible in most samples with a median below detection, except
period (Fig. 4). Temperature-ﬂux–based model results indicated
in isolated pockets where DOC concentrations were elevated above
a positive net ﬂux during the March–December 2004 study perithe median (108 μmol L−1). Therefore, dissimilatory NO3− reducod, with a velocity of 0.1 m d−1 and residence time of 24.4 d m−1
tion (DNRA) to NH4+ cannot account for most of the decreased
of bed thickness (Essaid et al., 2008). Our median calculated
NO3− concentrations. There is evidence, however, that denitrivelocities based on all individual head measurements were 0 and
ﬁcation contributed to the low concentrations of NO3− in the
0.01 m d−1 for March and October, respectively, resulting in a
streambed as well. For all sample sites and dates, the median NO3−
median residence time of 34.7 d m−1 of bed thickness.
concentration in the streambed (0 μmol L−1) was much smaller
The continuously recorded head data in the study reach of
than that for ground water (160 μmol L−1) and/or surface water
the Merced River (Fig. 5a) revealed that during April–May and
(106 μmol L−1). Values of δ15N (27.44–51.88‰) were the most
October–November 2004 there were head-gradient reversals
enriched that were measured among all of the sites, N2,denit values
accompanied by inﬂuxes of surface water into the streambed.
ranged up to 323 μmol L−1, and denitriﬁcation reaction progress
These reversals were driven by large ﬂows (Fig. 5b) and resulted
had a value of 1.0 in the streambed samples compared with a mein large depressions in speciﬁc conductance measured at 0.5 and
dian of 0.25 for ground-water samples.
3 m below the streambed (Fig. 5c). Because of the long residence
The median concentration of O2 in the streambed samples
times of water in the streambed, stream water that entered the
(16 μmol L−1) was signiﬁcantly less than the equilibrium
bed remained there for long periods. The speciﬁc conductance at
value (301 μmol L−1), and the redox state of streambed
0.5 and 3 m did not fully recover for almost 2 mo after the head
samples spanned the range of O2, NO3−, Mn4+, and Fe3+
reversals that began in mid April (Fig. 5c). Also, the decrease in
reduction. Organic carbon levels in the bed sediment
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(0.6 g kg−1) and as DOC (108
μmol L−1) were relatively low, as
was S2− (2 mg kg−1), but other
electron donors were present
in the form of extractable Fe2+
(1200 mg kg−1) and hornblende.
Dissolved Fe2+ concentrations
reached 326 μmol L−1 in reduced
zones, and the presence of goethite was consistent with the
oxidation of Fe2+ and subsequent
precipitation of this mineral.

Maple Creek, Nebraska
Heads in the Maple Creek
streambed (Fig. 6 and 7) were
generally positive throughout the
year, although there were reversals
in head during some large storm
ﬂows. Unlike in the Merced River,
we saw no widespread evidence
of surface water remaining in the
bed beyond the ﬂood events. One
exception was at Transect 2 in
October (Fig. 7) when the heads
measured in the streambed on the
center left side of the stream were
negative, and speciﬁc conductance
measurements indicated that stream
water had entered the bed. Flow
Fig. 3. Concentrations of NO3− (μmol L−1) and specific conductance (dS m−1) at the California study site in
directions based on equipotential
March 2004 at (a) Transect 2 and (b) Transect 4. Equipotential lines and flow directions are based on
lines and heads indicated that the
potentiometric heads (cm) measured at the time of sampling.
streambed was dominated by deep
locations, however, NO3− decreased markedly, and there was a
ground-water inﬂuxes in the stream center and some shallow lateral
decrease in October at Transect 2 where surface water inﬁltrated
ﬂow, particularly from the left bank at Transect 4. Results of Br−
the streambed (Fig. 7a). Median NO3− concentrations in upland
injection conducted during a companion study (Duﬀ et al., 2006;
ground water were lower (18 μmol L−1) than that in the stream2008) indicated a ground-water inﬂux equal to 12% of stream
bed (61 μmol L−1) and larger in the stream itself (255 μmol L−1).
ﬂow through the study reach. Temperature-ﬂux–based modeling
This pattern of increasing concentration of NO3− resulted from
predicted an average ground-water velocity of 1.48 m d−1, resultthe fact that the ground-water sampling network did not include
ing in a residence time of 0.7 d m−1 of streambed thickness (Essaid
the left bank corn ﬁeld, and therefore NO3− concentrations were
et al., 2008). Using heads measured at the time of sampling at all
biased low. A companion study using a Br− tracer concluded that
sites, we calculated median velocities of 0.17 to 0.44 m d−1 and a
ground-water discharge contributed substantially to the surfacemedian residence time of 1.76 d m−1 of bed thickness.
water NO3− load in the study reach (Duﬀ et al., 2006; 2008).
+
Like the Merced River site, NH4 concentrations were below
The data for Maple Creek also indicated that redox condithe reporting limit in all samples except those having DOC
tions
were conducive for denitriﬁcation in the streambed. Median
−1
concentrations greater than the median value (92 μmol L ),
O
in
the streambed samples (71 μmol L−1) was substantially
2
indicating that DNRA was not a major factor in controlling
less than the equilibrium value (330 μmol L−1), and the redox
the fate of NO3−. Concentrations of NO3− at the two primary
state of streambed samples spanned the range of O2, NO3−, and
transects (Transects 2 and 4) were similar for the two sampling
Fe3+ reduction. Organic carbon in the bed sediment (0.2 g kg−1)
periods; however, concentrations at Transect 4 were about double
was relatively low, as were levels of S2− (0.5 mg kg−1) and Fe2+
those at Transect 2 (Fig. 6 and 7). One reason for the higher
(400 mg kg−1). Although the median DOC was only 92 μmol L−1
NO3− concentrations at Transect 4 was the inﬂux of shallow
in the streambed samples, concentrations ranged as high as
ground water from the left bank where a large corn ﬁeld was
1292 μmol L−1. Values of δ15N (7.33–13‰) were only slightly
−
located. In general, NO3 concentrations showed no consistent
enriched, N2,denit values ranged up to 164 μmol L−1, and denitriﬁincreasing or decreasing trends through the streambed. In a few
cation reaction progress had a median value of 0.64 in the stream-
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Transect 4 were installed in a
gravel bar at the downgradient
end of a pool, which resulted
in movement of surface water
into the streambed to a depth of
about 0.5 to 1 m. Temperatureﬂux–based modeling predicted
an average ground-water velocity
of 0.12 to 0.85 m d−1, resulting in residence times of 1.2 to
8.5 d m−1 of streambed thickness
(Essaid et al., 2008). Calculations based on heads measured
at the time of sampling indicated
comparable median velocities of
0.15 to 2.22 m d−1 and a median
residence time of 2.2 d m−1 of
bed thickness.
We detected Fe2+ in concentrations up to 74 μmol L−1 (Fig.
8 and 9), with the exception
of Transect 4, where we noted
head reversals and surface-water
inﬁltration (Fig. 10). This inﬂux
of surface water at Transect 4
resulted in the only detections of
NO3− found in the streambed at
Leary Weber Ditch during the
study. Overall, O2 in the streambed samples (22 μmol L−1) was
Fig. 4. Concentrations of NO3− (μmol L−1) and specific conductance (dS m−1) at the California study site in less than the equilibrium value
October 2004 at (a) Transect 2 and (b) Transect 4. Equipotential lines and flow directions are based
(326 μmol L−1), and redox state
on potentiometric heads (cm) measured at the time of sampling.
was dominated by Fe3+–reducing
bed samples.
conditions, resulting in rapid loss
of NO3− once surface water moved into the streambed. AmLeary Weber Ditch, Indiana
monium concentrations in Leary Weber Ditch (Table 1) had
Hydraulic heads in the streambed at Leary Weber Ditch (Fig.
the largest median value (3 μmol L−1) among the study sites.
8 and 9) were comparable to those in Maple Creek; the streambed
This large median concentration of NH4+ was partly due to
materials at these sites are similar—coarse grained sediments conthe equally large median values in ground water (9 μmol L−1)
taining layers of silt that act as conﬁning layers. At Transect 1, a silt
and to the large values of DOC, indicating a potential for
layer was present on the left side of the stream at a depth of about
NO3− reduction. There were ample electron donors available
0.12 to 0.15 m with an average thickness of 0.24 m. At Transect
in the bed sediment, including organic carbon (17 g kg−1),
3, a silt layer ranging from 0.3 to 0.45 m thick extended across the
DOC (158 μmol L−1), Fe2+ (2200 mg kg−1), and S2−
entire streambed at a depth of 0.5 m at the left bank, 0.06 m in the
(420 mg kg−1). Values of N2,denit ranged up to 179 μmol L−1,
middle, and at the streambed surface on the right bank. Although
and denitriﬁcation reaction progress (1.0) was complete.
the hydraulic conductivity of the silt was low relative to that of the
coarse-grained outwash sands and gravels, there was some ﬂow
Morgan Creek, Maryland
through the silt layers (Essaid et al., 2008). The net eﬀect of the
As a result of the thick conﬁning layer of silt and clay in the
layer at Transect 1 was that water moved preferentially through the
ﬂoodplain of Morgan Creek (Fig. 11), heads as great as 0.48 m
streambed on the right side (Fig. 8a and 9a).
were measured over a streambed thickness of 1.1 m. Assuming
Another important factor at this site was the cessation of
typical values for saturated vertical hydraulic conductivity (1 ×
stream ﬂow after the tile drains and ditches ceased ﬂowing in
10−10 m s−1) and porosity (0.5) for these materials (Freeze and
late summer. As ground-water levels decreased, this led to head
Cherry, 1979), the velocity through the streambed was estimated
reversals in the streambed and the inﬂux of surface water into
to be 7.5 × 10−6 m d−1, which would eﬀectively eliminate the
the bed (Fig. 9). We also noted downward heads at Transect
possibility of any direct ground-water/surface-water interaction.
4 (Fig. 10) throughout the study period. The piezometers at
However, where ground water discharged through the sand aquifer
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along the margins of the ﬂoodplain,
we estimated, on the basis of typical
literature values (Freeze and Cherry,
1979) for saturated vertical hydraulic
conductivity (1 × 10−4 m s−1) and
porosity (0.3), a velocity of 4.32 to
6.6 m d−1 and a mean residence time
of 0.28 d m−1. The seeps created by
this ground-water discharge resulted in
a small net increase in NO3− concentrations and a 9.2% increase in stream
ﬂow (Duﬀ et al., 2006; 2008).
Maximum concentrations of
NO3− (2568 μmol L−1) below the clay
conﬁning layer at Morgan Creek were
the largest measured among all ﬁve
study sites; however, median NO3−
concentrations there (21 μmol L−1)
were substantially less than in upgradient ground water (727 μmol L−1),
reﬂecting more reduced conditions,
longer ﬂowpaths, and longer residence
times. Median NO3− concentrations
in the seep channels (488 μmol L−1)
were also much lower than those in
ground water, indicating substantial
loss of NO3− in the organic-rich sediments in the seep discharge zones or in
the seep channels. Dissolved organic
carbon (42 μmol L−1) in ground water
at Morgan Creek was the smallest
median value among the ﬁve sites, and
although concentrations of organic
carbon in the ground-water system
sediments ranged from 0.2 to 9 g kg−1,
a concentration of 76 g kg−1 in one
seep zone was the largest measured in
surface sediments during the study.
Concentrations of extractable Fe2+
(370 mg kg−1) and S2− (23 mg kg−1)
were relatively low; however, there were
pockets of the ground-water system
that contained up to 13,000 mg kg−1
Fe2+, which is probably associated with
the glauconitic sands found in the
aquifer. Consequently, although the
ground water and conﬁned sediments
were generally oxic (Table 1), redox
conditions spanned the range of O2,
NO3−, Mn4+, and Fe3+ reduction. Most
δ15N values (3.07–5.98‰) did not
diﬀer greatly from the original sources
(3.75–3.85‰) estimated from mass
balance and soil measurements and
in two cases (19.75–20.48‰) seem
to have been the result of an animal-

Fig. 5. Plots of (a) head gradient, (b) stream discharge, and (c) specific conductance for the Merced
River, California, at the midpoint of Transect 2 at 0.5 and 3 m below the streambed during the
2004 study period.

Fig. 6. Concentrations of NO3− (μmol L−1) and specific conductance (dS m−1) at the Nebraska study site
in May 2004 at (a) Transect 2 and (b) Transect 4. Equipotential lines and flow directions are based
on potentiometric heads (cm) measured at the time of sampling. NA, data not available.
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inputs, ground-water discharge in these
more arid Paciﬁc Coast watersheds was
estimated to be 5 to 40 times less than
in the Maple Creek and Leary Weber
Ditch sites (Essaid et al., 2008).
The moderate ground-water heads
beneath Maple Creek in combination
with the coarse-grained bed sediments
and small surface-water gradient (0.1%)
created conditions that resulted in the
largest ground-water discharge measured during the study (Essaid et al.,
2008). Surface-water inﬁltration into
the bed was mainly limited to stormﬂow-driven events of short duration,
with the relatively short residence times
indicating that ground water rapidly
displaced surface water in the bed sediments. Because the Leary Weber Ditch
study reach is in a relatively isolated
glacial-outwash sand and gravel deposit
surrounded by glacial till, the groundwater system that aﬀects ﬂow in the
ditch is small and local, and stream ﬂow
is largely dependent on tile-drain ﬂows.
During the winter and spring, groundwater levels at Leary Weber Ditch are
high enough to produce moderate
heads and discharge rates comparable
Fig. 7. Concentrations of NO3− (μmol L−1) and specific conductance (dS m−1) at the Nebraska study site in
to
those in Maple Creek, and residence
October 2004 at (a) Transect 2 and (b) Transect 4. Equipotential lines and flow directions are based
times bracket those of Maple Creek.
on potentiometric heads (cm) measured at the time of sampling. NA, data not available.
However, because the surface area of
manure source. Although ground water and conﬁned sediments
Leary
Weber
Ditch
is
about
an order of magnitude smaller, total
contained N2,denit ranging from 0 to 250 μmol L−1, denitriﬁcation
discharge is as well. Surface-water inﬁltration into the bed of Leary
reaction progress was negligible.
Weber Ditch during the winter and spring months is limited
mainly to coarse-grained gravel deposits at the foot of pools and
Discussion
during stormﬂows. As surface ﬂow ceases and ground-water levels
decrease during the summer months, head potentials reverse, and
Hydrogeologic Controls
surface water in the isolated pools inﬁltrates the streambed.
The physical properties of the bed sediments exerted a strong
Morgan Creek is unique among the study sites in having
control on ground-water/surface-water interactions at all ﬁve
a
streambed
that acts as a ground-water conﬁning unit. Consites. At the Merced River site, the study reach is directly down
sequently,
all
ground-water/surface-water interactions in the
stream from the transition from a losing to a gaining reach and
study
reach
are
the result of ground-water discharge along the
has negligible surface-water slope, and the ground-water ﬂow
margins
of
the
ﬂ
oodplain and unidirectional ﬂow across the
system discharges across a wide (?30 m) stream channel. This
ﬂ
oodplain
to
the
stream. Although this ground-water discharge
combination of factors results in small ground-water/surface-water
accounted
for
only
a small gain in ﬂow through the study reach
gradients, small ground-water ﬂux rates, and much longer water
(?9.2%),
it
has
been
estimated that slightly more than half
residence times than at any of the other study sites. The DR2
(59%)
of
the
streamﬂ
ow
in the watershed as a whole originates
Drain watershed had a water-table slope similar to that at the
as
ground-water
discharge
(Hancock and Brayton, 2006).
Merced River watershed, with a discharge zone in the lower part
At
sites
where
streambed
materials consist of ﬁne-grained
of the basin, which resulted in perennial stream ﬂow and groundsediments
with
correspondingly
small vertical hydraulic conducwater ﬂux rates about an order of magnitude greater than in the
tivities
(DR2
Drain
and
Morgan
Creek), there was little or no
Merced River (Essaid et al., 2008). Because the ﬂux rates are
ground-water
discharge
through
the
streambed and no detectable
expressed on a unit area basis and because the Merced River has
hyporheic
zone.
Conversely,
at
the
three
sites composed of coarsea much greater width and therefore greater surface area, groundgrained
sediments
(Merced
River,
Maple
Creek, and Leary Weber
water contributions were about the same. Even with the irrigation
Ditch), surface water reached depths up to 3 m, and the inﬁltra-
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tion of surface water into the
coarse-grained beds was oﬀset by
ground-water discharge. This relation between sediment properties,
including hydraulic conductivity,
and ground-water/surface-water
interactions agrees with results described by Valett et al. (1996) for
three high-gradient streams with
gradients up to 11%. It also supports the contention of Valett et
al. (1996) that lentic bed interactions are dominated by diﬀusion,
whereas lotic streambed interactions are dominated by advection.
Hill and Lymburner (1998) found
that the size of the interaction zone
as well as water exchange across
the ground-water/surface-water
interface increased with alluvial
hydraulic conductivity.
The inverse relation between
ground-water heads and surfacewater inﬁltration in the Merced
River, Maple Creek, and Leary
Weber Ditch resulted in penetration of surface water deep into
the streambed, but only during
high ﬂows when surface-water
heads increased. One exception
Fig. 8. Concentrations of Fe2+ (μmol L−1) and specific conductance (dS m−1) at the Indiana study site in
to this was in Leary Weber Ditch
June 2004 at (a) Transect 1 and (b) Transect 3. Equipotential lines and flow directions are based on
in a gravel bar at the end of a pool
potentiometric heads (cm) measured at the time of sampling.
where surface water penetrated to
cation. Various researchers (Kölle et al., 1983; Strebel et al., 1985;
a depth of about 1 m. Streambed
van Beek et al., 1988; Postma et al., 1991; Böhlke and Denver,
topography such as that in pool and riﬄe sequences has been
1995; Tesoriero et al., 2000; Böhlke et al., 2002) have shown
shown in the past to exert strong controls on hyporheic exchanges,
these processes to be important in various ground-water and
which are driven by the creation of strong surface-water heads in
riparian zone settings; however, the roles of these other potential
these locations (Harvey and Bencala, 1993; Valett et al., 1996; Hill
electron donors in studies of denitriﬁcation in the hyporheic zone
et al., 1998; Opdyke et al., 2006). However, Hill and Lymburner
have generally been ignored.
(1998) reported that strong ground-water heads restricted surfaceThe ﬁve sites examined in this study possessed varying
water movement into the streambed. In low-gradient streams, such
amounts
of potential electron donors required for denitriﬁcation
as those we studied (gradients ≅0–0.4%), storm events may therein
the
form
of organic carbon, reduced-iron phases, and sulﬁdes
fore play an important role as forcing functions that can overcome
(Fig.
12).
Dissolved
O2 concentrations at all sites were highly
ground-water heads and move large amounts of surface water into
variable
but
well
below
equilibrium values, indicating oxygenthe streambed.
consuming reactions were taking place; all sites displayed a range
of redox conditions in the streambed. Although the DR2 Drain
Biogeochemical Processes
site had the largest concentrations of available Fe2+, the Leary
Denitriﬁcation is the most commonly studied process related
Weber Ditch site had large concentrations of several potential
to NO3− retention in hyporheic zones, and organic carbon, either
electron donors, including reduced-iron phases, sulﬁdes, and
dissolved or particulate, is the most commonly studied electron
organic carbon, and therefore had the greatest excess of potential
donor controlling denitriﬁcation (Triska et al., 1989; Vervier et
electron donors. Consequently, the Leary Weber Ditch site had
al., 1992; Triska et al., 1993; Findlay and Sobczak, 1996; Jones
the strongest reducing conditions among the sites.
and Holmes, 1996; Sobczak and Findlay, 2002; Storey et al.,
Nitrogen isotope and N2,denit data indicate that denitriﬁcation
2004). In an extensive review of denitriﬁcation processes, Korom
contributed
to decreases in NO3− concentrations in the streambed
2+
2+
(1992) discussed autotrophic processes that can use Mn , Fe ,
at the DR2 Drain, Merced River, and Maple Creek sites. At Leary
S2−, and reduced mineral phases as electron donors for denitriﬁ-
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sites, DOC was present at larger
concentrations in pockets within
bed sediments. Ammonium concentrations generally were below
detection; however, at the Merced
River and Maple Creek sites, median NH4+ concentrations of 4.5 and
2.4 μmol L−1, respectively, were detected where DOC concentrations
were elevated above the median.
At the Leary Weber Ditch site, the
median NH4+ concentration of 3.3
μmol L−1 was virtually the same regardless of the DOC concentration;
however, the lowest DOC value in
Leary Weber Ditch (117 μmol L−1)
was greater than the median values
at Merced River (108 μmol L−1)
and Maple Creek (92 μmol L−1),
suggesting that a concentration of
about 100 μmol L−1 was suﬃcient
to support DNRA. These results
indicate DNRA can account for
only a small portion of NO3− losses
at these three sites. As Tiedje et al.
(1982) pointed out, denitriﬁcation
is favored over DNRA because
denitriﬁcation provides more energy, and DNRA is likely to occur
only in settings where there is an
Fig. 9. Concentrations of Fe2+ (μmol L−1) and specific conductance (dS m−1) at the Indiana study site in
excess of electrons donors such as at
October 2004 at (a) Transect 1 and (b) Transect 3. Equipotential lines and flow directions are based
the Leary Weber Ditch site (Tiedje,
on potentiometric heads (cm) measured at the time of sampling.
1988). Although DNRA was noted
Weber Ditch, the ground-water system in the riparian ﬂoodplain
by Kelso et al. (1999) most rewas dominated by iron-reducing conditions, and all NO3− in
searchers have not seen this process and it is assumed to be a minor
ground water had already been reduced before reaching the streamfactor in most stream settings (Duﬀ and Triska, 2000). The generbed. Consequently, at Leary Weber Ditch, only NO3− entering the
ally limited availability of organic carbon and other electron donors
streambed in inﬁltrating surface water was available for denitriﬁcaat most of the study sites (Fig. 12) seems to support these previous
tion, and NO3− was not present at depths greater than about 1 m.
observations and accounts for the correspondingly low NH4+ conMorgan Creek represented a unique set of conditions among the
centrations and the predominance of denitriﬁcation.
sites, yet even there NO3− concentrations were lower in the seep
channels than in the discharging ground water, probably as a result
Effects of Residence Time
of plant uptake and denitriﬁcation in the surface sediments, which
Triska et al. (1993) noted an inverse relation between NO3−
contained the largest amounts of solid organic carbon measured.
concentration gradients and travel times of water passing through
In among-site comparisons, denitriﬁcation reaction progress was
the hyporheic zone. Valett et al. (1996) proposed that N retention
most highly correlated with DOC (Kendall τ = 0.74), indicating
was a product of the rates and interactions of surface water and
that DOC probably was the most important electron donor for
ground water and increased with residence time. Hill et al. (1998)
denitriﬁcation. The correlation with Fe2+ (Kendall τ = 0.53), howdid not see increased NO3− retention as a result of longer residence
ever, indicates that it also was a likely electron donor in the denitritimes in hyporheic zones in their study streams and instead argued
ﬁcation process. Sediment organic carbon and S2− concentrations
that pools and slow-moving stream sections allowed greater conseem to have been too small or unavailable among the sites to have
tact with streambed sediments, which increased NO3− retention.
consistently supported denitriﬁcation. These results are similar to
More recently, Storey et al. (2004) reported that in spite of low
those reported by Green et al. (2008) for the ground-water comdenitriﬁcation rates, long residence times resulted in large cumulapartments of these same study sites.
tive NO3− retention. The residence time of water in the streambeds
Solid organic carbon content (Fig. 12) was low at most sites,
determined in this study also proved to be an important factor in
but at the Merced River, Maple Creek, and Leary Weber Ditch
the transport and fate of NO − through the ground-water/surface3
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Fig. 10. Concentrations of NO3− and Fe2+ (μmol L−1) at the Indiana study site in June 2004 at Transect 4. Equipotential lines and flow directions are
based on potentiometric heads (cm) measured at the time of sampling. NA, data not available.

water interface and was positively correlated (Kendall τ = 0.53)
with denitriﬁcation reaction progress. In systems with fast transport
rates, such as Maple Creek, which had a median residence time
of 1.8 d m−1, NO3− may move through the streambed faster than
the biogeochemical processes that decrease NO3− concentrations
can occur. The Morgan Creek site represents an extreme example
of a hydrogeologic setting where a minimal amount of denitriﬁcation occurred as a result of inadequate redox controls and a short
residence time (0.28 d m−1). At a site like the Merced River, which
had the longest median residence time (34.7 d m−1), there was
ample time for biogeochemical and physical processes to alter

NO3− concentrations in spite of relatively small amounts of potential electron donors. Given suﬃcient time, despite relatively small
amounts of electron donors, denitriﬁcation can take place.

Source-Sink Relations
In the DR2 Drain site, NO3− in discharging ground water
decreased at one transect but increased in another because of
lateral inﬂux of shallow ground water. The net result was a small
but detectable increase of in-stream NO3−. At the Merced River
site, concentrations of NO3− in ground water in the streambed
also decreased, but on the basis of our results it is impossible to

Fig. 11. Median concentrations of NO3− (μmol L−1), specific conductance (dS m−1), and water levels at the Maryland study site during 2004 at
Transect 3. Water levels were measured at the time of sampling.
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was not completely removed, and at three of the ﬁve sites (DR2
Drain, Maple Creek, and Morgan Creek), ground-water discharge
contributed NO3− to surface water and was an NO3− source. At
the remaining two sites (Merced River and Leary Weber Ditch),
NO3− transported into the hyporheic zone in surface water decreased, with the hyporheic zone serving as an NO3− sink. In that
respect, these results agree somewhat with the hypothesis of Jones
and Holmes (1996) that hyporheic zones of N-rich streams act as
NO3− sinks; our results indicate that, with respect to ground water,
hyporheic zones also can act as NO3− sources. Our results also
demonstrate that biogeochemical and hydrogeological processes in
the streambed at most sites are capable of decreasing but not completely eliminating NO3− concentrations in ground water before
they reach surface waters and therefore may serve as an added (but
limited) bioremediation barrier to surface-water contamination.
These results also must be considered in relation to results reported by Hill et al. (1998) and Storey et al. (2004) that, because
of limited movement of surface water through hyporheic zones,
the amount of NO3− removed may be small relative to the stream
load. Opdyke et al. (2006) and Royer et al. (2004; 2006) also indicated that in some systems the large ﬂux of NO3− during high ﬂow
periods may so greatly exceed the denitriﬁcation capacity of the
streambed that it is not an eﬃcient NO3− sink. Consequently, even
where NO3− is totally removed in streambeds, denitriﬁcation may
not be suﬃcient to signiﬁcantly reduce stream loads.

Conclusions

Fig. 12. Plots of Fe2+, acid-volatile sulfides plus pyrite (mg kg−1), and organic
carbon concentrations (g kg−1) in the ground-water/surface-water
interaction zones at the five study sites. Individual points are site
medians, and error bars are minimum and maximum values.

say whether or not there was a net contribution of NO3− to surface water. At Maple Creek, although there was some decrease in
NO3− concentrations in ground water in the streambed, the remaining NO3− in combination with the large ground-water ﬂux
resulted in a net contribution to in-stream NO3−. Because there
was no NO3− in the ground water at the Leary Weber Ditch site,
there was no net loss or contribution to surface water; however,
there was a net loss of NO3− from surface water at those locations
and times when surface water inﬁltrated the streambed. Although
there was no net loss of NO3− in the discharging ground water at
Morgan Creek, concentrations in the seep channels were lower
than in ground water but still elevated above those in the creek.
Even though the water discharging to Morgan Creek had higher
NO3− concentrations than in surface water, it was small in proportion to the volume of the creek; consequently, there was only
a small net increase in NO3− concentrations in the creek.
At all of the study sites, NO3− concentrations in ground water decreased at some point before entering the stream, and in
that context, each hydrogeologic setting provided an NO3− sink
with respect to ground water. Even though NO3− decreased, it
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Analysis of a combination of physical and chemical data from
ﬁve agricultural basins revealed that residence times of ground
water in the streambeds of N-rich watersheds played an important
role in allowing denitriﬁcation to decrease NO3− concentrations.
Where potential electron donors were in limited supply, redox processes may be slower than ground-water ﬂow rates, thereby limiting
the degree of denitriﬁcation. Consequently, in spite of chemically
reducing conditions in the streambed, NO3− may be transported
into the stream and contribute to surface-water NO3− loads. At
two of the ﬁve study sites, NO3− in surface water inﬁltrated the
streambeds and decreased in concentration, supporting current
conceptual models of NO3− retention in N-rich streams. At the
other three study sites, hydrogeologic controls limited or prevented
inﬁltration of surface water into the streambed, and ground-water
discharge contributed to surface-water NO3− loads. These results
demonstrate that although denitriﬁcation may not be complete,
streambeds can decrease NO3− concentrations in ground water
that bypasses riparian zones and serve as an NO3− sink.
On the basis of the results described here, we propose a conceptual model of NO3− transport and fate in low-gradient, N-rich
streams that expands on previous models and incorporates the
hydrogeologic and biogeochemical factors discussed previously.
In this model, sediment characteristics determine the hydraulic
conductivity and porosity of the bed sediments and therefore determine the potential for ground water and surface water to move
through the streambed. The second hydraulic factor is the gradient
between ground water and surface water. Where the surface-water
gradient is greater, then surface water preferentially moves into the
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streambed; conversely, where the ground-water gradient is greater,
then ground water preferentially moves into and through the
streambed. This combination of factors determines the direction
and rate of ﬂow of water through the streambed and, inversely, the
residence time. Nitrate retention in the streambed is determined
by the relative abundance of electron donors to support denitriﬁcation or DNRA. Where residence times are shorter than the rate of
biogeochemical processes, NO3− may pass through the streambed
relatively unaltered. Conversely, even where the abundance of
electron donors is relatively small, long residence times may allow
slow biogeochemical processes to remove most or all NO3− before
it discharges to surface waters.
This conceptual model is based on a limited range of studies
and should be the subject of further studies in other hydrogeologic settings. More research is needed to better deﬁne the
relative concentrations of electron donors necessary to support
denitriﬁcation and DNRA. There is also a need to better deﬁne
geomorphological and hydrogeologic controls, particularly residence times, as well as ﬂow-dependent processes.
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